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ABSTRACT

Arsenic (As)-bearing water treatment residuals (WTRs) from household sand filters is usually
disposed on top of floodplain soils and may act as a secondary As contamination source. We
hypothesized that open disposal of these filter-sand to soils will facilitate As release under reducing
conditions. To quantify the mobilization risk of As, we incubated filter-sand, soil, and a mixture of
filter-sand and soil in anoxic artificial rainwater and followed the dynamics of reactive Fe and As
in aqueous, solid, and colloidal phases. Microbially-mediated Fe(l11)/As(V) reduction led to the
mobilization of 0.1-4% of total As into solution, with the highest As released from the mixture
microcosms equaling 210 pg/L. Due to filter-sand and soil interaction, Moessbauer and X-ray
absorption spectroscopies indicated that up to 10% Fe(lll) and 32% As(V) was reduced in the
mixture microcosm. Additionally, the mass concentration of colloidal Fe, and As analyzed by
single-particle ICP-MS, decreased by 77-100% compared to the onset of reducing conditions, with
the highest decrease observed in the mixture setups (>95%). Overall, our study suggests that (i)
soil provides bioavailable components (e.g., organic matter) that promote As mobilization via
microbial reduction of As-bearing Fe(l1l) (oxyhydr)oxides and (ii) As mobilization as colloids is
important especially right after the onset of reducing conditions, but its importance decreases over
time.

KEYWORDS: arsenic-bearing water treatment residuals, open disposal, disposed filter-sand, ,
microbial reduction, colloidal transport, arsenic remobilization.

SYNOPSIS: Filter-sand and soil interaction led to greater mobilization of dissolved As and lower

mobilization of colloidal As in comparison to the absence of sand-soil interaction. GRAPHICAL
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INTRODUCTION

Drinking water treatment facilities generate vast quantities of residuals that are enriched in
contaminants(lppolito et al., 2011; Turner et al., 2019). These water treatment residuals (WTRs)
are commonly discharged in landfills in regions with sufficient space and resources(Clancy et al.,
2013; Sullivan et al., 2010). However, in As-affected areas in rural South Asia, management of As-
bearing WTRs is poor, leading to the open disposal of As-bearing WTRs to ponds, rivers, and soils
without any site preparation(Genuchten et al., 2022; Koley, 2022). A challenge in the management
of As-bearing WTRs is inadequate testing procedures that are not representative of actual
conditions in the disposal sites, thus leading to over- or underprediction of As
remobilization(Clancy et al., 2013). Common leach test, such as the toxicity characteristic leaching
procedure (TCLP) have been shown to underpredict As mobilization from WTRs in
landfills(Ghosh et al., 2004; Islam et al., 2011), since the test do not account for microbial activities
that change over long periods and redox fluctuations (Clancy et al., 2013; Sullivan et al., 2010). A
recent study(Genuchten et al., 2022) indicated that open disposal strategies especially pose the
highest potential risk to environment and human health.

In the Red River delta in Vietnam, household sand filters are regularly used to remove toxic As
from groundwater for drinking purposes. The groundwater is filtered through a reactive sand layer
by gravity, in which Fe and As co-oxidize and precipitate on the sand matrix(Nitzsche et al., 2015;
Van Le et al.,, 2022; Voegelin, Andreas; Kaegi, Ralf; Berg, Michael; Nitzsche, Katja Sonja;
Kappler, Andreas; Lan, Vi Mai; Trang, Pham Thi Kim; Gottlicher, Jorg; Steininger, 2014). Eleven
million people rely on household sand filters in Vietnam (data in 2007)(Berg et al., 2007; Winkel
et al., 2011). With an average 3.5 people per (reported in 2009)(General Statistics Office of
Vietnam, 2011), this means that around 3.1 million household with sand filters. The implication of

this is that around 2.1x10° tons of sand filter residues is openly disposed to the environment every
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6 months (assuming 0.47 m? surface area, 1470 kg/m?® density, 35% porosity, 10 cm of sand layer
disposed every 6 months)(VVoegelin, Andreas; Kaegi, Ralf; Berg, Michael; Nitzsche, Katja Sonja;
Kappler, Andreas; Lan, Vi Mai; Trang, Pham Thi Kim; Gottlicher, Jérg; Steininger, 2014). The As
mobilization risk from these staggering amount of materials has yet to be investigated. Other As
contaminated sources from mining waste were previously reported to cause pollution to soil and
crops around the disposal area(Ha et al., 2019; Hoang et al., 2021).

The mobilization risk of As from filter-sand is susceptible to redox alteration. Under oxic
conditions, arsenic primarily  exists as oxidized As(V) adsorbed to
Fe(I1l) (oxyhydr)oxides(Voegelin, Andreas; Kaegi, Ralf; Berg, Michael; Nitzsche, Katja Sonja;
Kappler, Andreas; Lan, Vi Mai; Trang, Pham Thi Kim; Géttlicher, Jérg; Steininger, 2014). During
the monsoon season, with frequent and heavy rainfall and potential flood events, the disposed filter-
sand turns anoxic and reducing, leading to a high risk of As release to the porewater. The general
accepted mechanisms of As mobilization are via microbial reduction of As-bearing
Fe(I11) (oxyhydr)oxides(Connolly et al., 2022; Stuckey et al., 2016), as well as the direct reduction
of As(V) to As(lll) by As-reducing bacteria (AsRB)(Oremland and Stolz, 2003). As(lll) has a
lower adsorption affinity to Fe(lll) (oxyhydr)oxides than As(V), and is thus more amenable to

mobilization(Dixit and Hering, 2003).

Open disposal of As-contaminated filter-sand material to the topsoil leads to mixing with complex
soil matrix that contains diverse microbial communities, organic matter (OM), and minerals (e.g.,
Fe-Al-Mn (oxyhydr)oxides). The interaction between disposed filter-sand (enriched with As) and
soil, therefore potentially plays a crucial but poorly understood role in the fate of As. Another factor
to consider is whether disposed filter-sand is mobilized in the form of colloids, similar to the

transport mechanism of other toxic contaminants in natural waters(Hassellov and von der Kammer,
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2008). We define colloids as small particles subject to suspension and mobilization; this definition
encompasses particles with size ranges that are beyond the traditionally considered 1-um size
cutoff(Noél et al., 2020). An increase of mobilized colloidal Fe(l111) (oxyhydr)oxides can further
facilitate As(V) transport(Montalvo et al., 2018; Yao et al., 2020). At the same time, colloidal
Fe(lll) (oxyhydr)oxides are known to be more susceptible to microbial reduction than larger
mineral aggregates, therefore possibly promoting solubilization of As-bearing colloidal Fe(lll)
minerals(Fan et al., 2018; Maet al., 2018; Mansor and Xu, 2020). Thus, it is crucial to also consider
colloid-facilitated transport of As to fully evaluate the risk of As mobilization(Bauer and Blodau,

2009; Gomez-Gonzalez et al., 2016; Mansor et al., 2021).

In this study, we performed microcosm experiments in which As-bearing WTRs from filter-sand,
soil, and a mixture of filter-sand and soil were incubated under reducing conditions over 130 days.
We followed changes in reactive Fe(ll), Fe minerals, As redox states and coordination environment
in the solid phase, and the dynamics of dissolved and colloidal Fe and As over time. The results

allowed us to assess the mobilization risk of As from open disposal of sand filter material

MATERIALS AND METHODS
Field site and sample collection.
We collected disposed filter-sand materials from several household filters in Tu Nhien village
(20.848518 N; 105.919483 E), around 25 km Southeast of Hanoi, Vietnam, inside the meander of
the Red River. Soil samples (top 20 cm) were collected from several gardens in the same village —
we collected soils that were not in contact before with disposed filter material. Filter-sand and

floodplain soils were collected in 5 independent replicates immediately cooled on ice during
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transport, and stored at 4°C. In the laboratory, filter-sand or floodplain soils were used alone
(100%) or mixed at a ratio of 1:1 before being used for incubation experiments.

Filter-sand and soil samples characterization.

The elemental composition (Fe, Al, P, As, Mn) of disposed filter-sand, floodplain soil, and the
mixture of filter-sand and soil were analyzed by microwave digestion followed by inductively
coupled plasma mass spectrometry analysis (ICP-MS) (Agilent 7900, Agilent Technologies). After
drying in the oven (105°C), 0.5 grams of the sample was added to 12 ml of aqua-regia solution (9
ml of 37% HCI and 3 ml of 65% HNOs3) in Xpress Plus Teflon vessels. The samples were digested
in the Microwave Accelerated Reaction System, MARS 6 (CEM, USA), with further details in SI
section S1.

For total organic carbon (TOC) quantification, samples were dried at 60°C, grounded, and analyzed
in triplicates with a soliTOC cube (Elementar Analysensysteme GmbH, Germany)

Microcosm experiments.

Microcosms were set up by adding 12.5 grams of disposed filter-sand, or soil, or pre-mixed 1:1
filter-sand and soil into 125 ml of sterile anoxic artificial rainwater (ARW; Table S1, section S2)
within 250 ml serum bottles. Thus, the solid: liquid ratio is 1:10 in all bottles. The initial pH of all
microcosms ranged from 6.8 to 7.3 (Table 1). Additionally, abiotic controls were amended with
160 mM sodium azide (NaNs) to inhibit microbial respiration. All microcosms were prepared in
triplicate in an anoxic glovebox (100% N, <30 ppm Oz, MBRAUN UNIIab). The microcosms
were kept standing vertically at 28°C in the dark without shaking until analysis.

Solution chemistry analysis.

Immediately before sampling, the microcosms were homogenized by shaking. Aliquot suspensions

(3 ml) were collected in two 2 ml Eppendorf tubes (1.5 ml in each) and centrifuged for 15 min at
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12,100 g in the glovebox. The supernatants was filtered (0.22 um cellulose filter, EMD Millipore)
and diluted with 1% HNOs for quantification of dissolved Fe and As by ICP-MS. Sediment pellets
remaining after centrifugation were either extracted with (@) 1 ml 0.5 M HCI for 2 hours (to
quantify bioavailable/ poorly crystalline Fe) or (b) 1 ml 6 M HCI for 24 hours (to quantify
crystalline Fe)(Schaedler et al., 2018). Afterwards, all samples were centrifuged at 15 min at
12100g, and 100 pl of the supernatant was collected and diluted 10-folds with 1 M HCI before
analysis. HCl-extractable Fe(ll) and Fe(total) were quantified spectrophotometrically using the
ferrozine assay(Stookey, 1970; Viollier et al., 2000).

Iron mineral analysis using Moessbauer spectroscopy.

Moessbauer spectroscopy was used to identify Fe minerals. Pre-incubation samples were loaded as
dried powders into 1 cm? Plexiglas holders. Solids from the microcosms collected by filtration
(0.45 um nitrocellulose filter, Millipore) were fixed between two pieces of Kapton tape in the
glovebox and kept frozen and anoxically at -20°C in a sealed bottle until measurement. Spectra
were collected at 77 K and 5 K using a constant acceleration drive system (WissEL) in transmission
mode with a >’Co/Rh source. Analyses were carried out using Recoil (University of Ottawa) and
the Voigt Based Fitting (VBF) routine(Lagarec and Rancourt, 1997).

X-ray absorption spectroscopy (XAS).

To identity As redox states and binding environments, samples were collected prior to incubation
and from the microcosms, then freeze-dried, ground, and stored anoxically until measurement.
Reference model compounds were synthesized in an anoxic glovebox by adsorbing arsenate
(Na2HAsO4x7H20, Sigma-Aldrich) and arsenite (AsNaO., Sigma-Aldrich) onto ~30 mg of freshly
prepared 500 mM ferrihydrite(Muehe et al., 2013) in a molar ratio of 30:1 for 10 hours with gentle
overhead-mixing. Model compounds were washed twice in anoxic MQ water, freeze-dried, ground

and diluted with approximately 26 mg of boron nitride and stored anoxically until measurement.
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Samples and standards were placed in aluminum sample holders (window 3 mm by 13 mm) and
sealed with 0.5 mil Kapton tape from both sides. Arsenic K-edge extended X-ray absorption fine
structure (EXAFS) data were obtained at beamline 7-3 at Stanford Synchrotron Radiation
Lightsource (SSRL), Menlo Park, USA. Spectra were collected in fluorescence detection mode
using a 30-element germanium detector array, using a reference gold foil in transmission detection
mode and calibrating to 11919 eV. More details on beamline settings are given in Sl section S3.
Data was deadtime-corrected and averaged with Sixpack(Webb, 2005) and repetitive scans aligned,
merged, truncated, deglitched, normalized to an edge step of one, and background-subtracted in
Athena(Ravel and Newville, 2005). To verify data, XANES (extracted from EXAFS) and EXAFS
were analyzed for As speciation differences. Principle components (PCA) and target transforms
were analyzed for merged scans, followed by least-square fitting by linear combination (LCF) of
synthesized model compound spectra(Muehe et al., 2016). EXAFS were analyzed to a k of 12. The
LCF components are estimated to be accurate at 10% and the detection limit of contributing
components is set to 10%(Cancés et al., 2005; O’Day et al., 2004). Shell-by-shell fitting was
performed to support LCF fits, given in Sl section S3.

Quantification of Fe and As in colloidal fraction.

Microcosms were shaken, and large particles were allowed to settle for 24 hours while standing in
the glove box. Afterward, about 0.1 ml of suspension was carefully sampled directly from the top
and stored anoxically at 4°C. The suspensions were diluted 1000-fold in anoxic H20 in a Falcon
tube in the glove box and taken out right before the analysis. All samples were analyzed in time-
resolved analysis mode on an Agilent 7900 ICP-MS instrument(Mansor et al., 2021). More details

are provided in Sl section S4.

RESULTS AND DISCUSSION
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Characterization of disposed filter-sand and floodplain soil prior to incubation experiments.
Microwave digestion and TOC analyses were performed to quantify elemental (Fe, Al, P, As, Mn)
and organic carbon contents. The samples contained 50-100 g/kg of Fe, 22-80 g/kg of Al, 1-5 g/kg
of P, 29-1440 mg/kg of As, 540-1166 mg/kg of Mn, and 2-12 g/kg of TOC (Table 1). The filter-
sand material was enriched in Fe, P, and As relative to the soil, with an enrichment factor of
approximately 2, 5, and 50, respectively. The soil was enriched in Al, Mn, and organic carbon,
with an approximate enrichment factor of 4, 2, and 6, respectively. Aqua regia extraction followed
by microwave digestion most likely underestimated soil’s total Fe and Al content due to poor
extractability of Fe phyllosilicates(Raiswell et al., 1994). In contrast, Fe in disposed filter-sand
material primarily exists as short-range ordered (SRO) Fe(lll) (oxyhydr)oxides(Nitzsche et al.,
2015; Voegelin, Andreas; Kaegi, Ralf; Berg, Michael; Nitzsche, Katja Sonja; Kappler, Andreas;
Lan, Vi Mai; Trang, Pham Thi Kim; Gottlicher, Jorg; Steininger, 2014) that are easily extractable

with aqua regia.

Table 1. Elemental compositions of floodplain soil, disposed filter-sand material, and the mixture

of filter-sand and soil prior to incubation. All samples were analyzed in triplicates.

Floodplain  Disposed filter- Mixture of filter-

soil sand material sand and soil
Fe (g/kg) 5044 97+6 768
Al (g/kg) 7916 2242 55+6
P (g/kg) 1+0.1 5+0.5 3+0.3
As (mg/kg) 29+3 1441481 725164
Mn (mg/kg) 1166492 539452 9114153
Fe/Mn ratio 42.5+0.1 182.4+28.3 84.3+6.3
Fe/As ratio 1723+39 67.51£0.6 105+3
TOC (g/kg) 11.7+0.4 3.2+0.2 7.240.2
Initial pH* 6.8 7.3 7.2

(*) Initial pH values of the microcosms

10
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Dynamics of reactive Fe and As in floodplain soil and disposed filter-sand microcosms.

As- and Fe-rich sand filter materials are usually disposed onto the floodplain soil or along the
riverbank. To evaluate the potential for As mobilization from the filter-sand after disposal, we first
incubated filter-sand and soil samples separately with ARW under reducing conditions. Within 130
days of incubation, the color changed from orange/gray to a darker black in the biotic microcosms,
indicative of Fe(lll) reduction (Figure S1). The highest Fe(lll) reduction took place in the soil
microcosms, in which 0.5 M HCl-extractable Fe(ll) increased from 0.008 to 4.6 g/kg sediment
(Figure 1A). This equals to near-complete Fe(lll) reduction from the 0.5 M HCl-extractable
fraction (93+8%) (Figure S2A). In comparison, microcosms with filter-sand only displayed a
limited extent of Fe(ll) reduction, in which the 0.5 M HCl-extractable Fe(Il) increased from 0.15
to 1.1 g/kg sediment (Figure 1A). This equals a reduction of only 6+1% of the poorly crystalline
Fe pool (Figure S2A). Similar trends were observed in the 6 M-extractable Fe(ll) and
Fe(Il)/Fe(total) ratios (Figure S2, S3 respectively), albeit with a lower magnitude of changes
compared to the 0.5 M HCl-extractable fractions.

Dissolved total Fe was detected in small amounts in all microcosms; it increased from 2 to 4.2
mg/L in filter-sand microcosms. In contrast, the concentration remained around 0.7-0.9 mg/L in
soil microcosms throughout the incubation (Figure 1B). Interestingly, even though total As in the
soil was lower relative to the disposed filter-sand, we detected the constant release of As from soil
to the aqueous phase from 3 to 115 pg/L over 130 days (Figure 1C). In comparison, dissolved As
in filter-sand microcosms increased sharply during the first 40 days to around 150 pg/L, which then
leveled off until the end of the experiment (Figure 1C). Abiotic controls for both microcosms
showed low levels of Fe(lll) reduction and As mobilization, possibly due to abiotic processes or

incomplete inhibition of microbial activity by NaNs(Bore et al., 2017) . 0.5 M HCl-extractable

11
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Figure 1. Changes in the concentration of 0.5 M HCl-extractable Fe(Il) (A), dissolved Fe (B), and
dissolved As (C) in floodplain soil, disposed filter-sand and their abiotic control (AC) microcosms.
All samples were analyzed in triplicate, and error bars indicate standard deviation.

Dynamics of reactive Fe and As in the microcosm containing the mixture of filter-sand and
soil.

We hypothesized that when disposed filter-sand is mixed with soil, the microbial community and/or
organic matter from the soil matrix may promote As mobilization from the disposed filter-sand by
stimulating microbial Fe(I11) and As(V) reduction. Therefore, we followed changes of reactive Fe
and As in the mixture of filter-sand and soil microcosms (termed “sand-soil interaction”) and
compared them to a “no-interaction” scenario. The values for the “no interaction” scenario were
calculated by averaging the data obtained in soil-only and filter-sand only microcosms as a method
of applying mass correction. This scenario, therefore, represents a hypothetical case that accounts
for the mass of Fe and As in both soil and filter-sand and implicitly assumes the soil matrix plays
no role in promoting or inhibiting Fe and As reduction.

By comparing the experimental sand-soil interaction case with the hypothetical “no interaction”
case, we were able to clearly observe a promotive effect of sand-soil interaction to Fe(lll) and
As(V) reduction, which overall led to about twice more As being mobilized compared to “no
interaction”. The content of 0.5 M HCl-extractable Fe(l1) increased significantly in the mixture of
filter-sand and soil from 0.07 to 3.5 g/kg, which is 1.2 times higher than the “no interaction” case
(Figure 2A). Similar trends were observed in the 6 M HCl-extractable Fe(Il) and Fe(ll)/Fe(total)
ratios (figure S2, S3), albeit with a lower magnitude of changes compared to the 0.5 M HCI-
extractable fractions.

The dissolved Fe concentration of the mixture microcosm was slightly lower than in the “no

interaction” case. Dissolved Fe in the mixture of filter-sand and soil microcosms and abiotic control
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at day 0 (immediately after setup of the microcosm) was higher than on other days. — We consider
this to be an outlier, possibly due to short-term mixing effects between the soil and filter-sand
materials. Disregarding these data points, dissolved Fe gradually increased from 0.7 mg/L on day
2310 2.1 mg/L, but remained lower than the “no interaction” case throughout the incubation period
(Figure 2B).

Lastly, dissolved As showed a marked increase in the mixture setup (up to 210 ug/L) relative to
abiotic controls (maximum 90 pg/L) and the “no interaction” scenario (maximum 120 ug/L)
(Figure 2C). It means that As mobilization was promoted 1.8 times higher due to the sand-soil
interaction than the “no-interaction” case. Abiotic controls for the mixture microcosms showed

lower levels of Fe(l11) reduction and As mobilization overall (Figure 2).
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Figure 2. Comparison of Fe and As dynamics in the presence or absence of sand-soil interactions.
Changes of poorly crystalline Fe (0.5M HCl-extractable Fe), dissolved Fe and As of the sand-soil
interaction (mixture of filter-sand and soil) microcosms and their abiotic control (AC) microcosms
are shown in figure A, B, C respectively. The data is compared with corresponding value in the no-

interaction case. The no-interaction value is calculated with values obtained from soil only and
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filter-sand only microcosms, assuming 1:1 mixture and no promotion or inhibition effects. All

samples were analyzed in triplicate, and error bars indicate standard deviation.

Transformation of Fe minerals in the microcosms.

Changes in Fe mineralogy can affect the fate of As and were therefore followed by Moessbauer
spectroscopy. Fitting results and Moessbauer spectra collected at 5 K and 77 K are shown in Table
S2 and Figures S5-S7, respectively. The disposed filter-sand material prior to incubation consisted
of 100% short-range-order (SRO) Fe(l11) (oxyhydr)oxides (Figure 3A, Table S2), consistent with
previous studies on sand filters(Nitzsche et al., 2015; Voegelin, Andreas; Kaegi, Ralf; Berg,
Michael; Nitzsche, Katja Sonja; Kappler, Andreas; Lan, Vi Mai; Trang, Pham Thi Kim; Gottlicher,
Jorg; Steininger, 2014). After 100 days of incubation, there was up to 14% of Fe(ll) in the filter-
sand matrix (Figure 3A), equaling a Fe(I1)/Fe(ll1) ratio of 0.17 (Figure 3B), indicative of microbial
Fe(I1l) reduction. In comparison, the soil initially contained a mixture of goethite (50%), low
amounts of hematite (11%), Fe(I11) phyllosilicates (25%), and Fe(I1) (14%) (Figure 3A). The Fe(ll)
in the pre-incubation soil was likely in the form of phyllosilicates and not adsorbed Fe(ll), as the
soil had been sampled under oxic conditions. We observed a ~6.3% increase in Fe(ll) after 100
days in the soil incubations, equaling a Fe(ll)/Fe(lll) ratio of 0.25 (Figure 3B). Note that the
increased Fe(ll) observed based on spectra collected at 5K may be slightly underestimated as the
Fe(I1) doublet can partially split at lower temperatures(Notini et al., 2018). Based on the spectra
collected at 77K, the Fe(ll) increased by 11% (Table S2). The mixture of filter-sand and soil
microcosm showed Fe mineral distributions that reflect the end-member sand and soil, with
detectable levels of goethite, SRO Fe(l1l) (oxyhydr)oxides, and Fe(ll) and Fe(lll) phyllosilicates.

We observed an increase of around 3.4% Fe(ll) in the mixture setup after 100 days (Figure 3) based
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on the Mossbauer spectra at 5K and 10% based on spectra collected at 77K. We did not observe
the formation of distinct Fe(Il)-containing minerals such as magnetite or siderite.

In summary, we confirmed Fe(lll) reduction in all microcosms. The filter-sand microcosm
exhibited the highest relative increase in solid-phase Fe(ll) over 100 days of incubation. This is
because filter-sand material consisted of nearly 100% (SRO) Fe(lll) (oxyhydr)oxides in the form
of two-line ferrihydrite(\VVoegelin, Andreas; Kaegi, Ralf; Berg, Michael; Nitzsche, Katja Sonja;
Kappler, Andreas; Lan, Vi Mai; Trang, Pham Thi Kim; Géttlicher, Jorg; Steininger, 2014), which
is more thermodynamically available for microbial reduction than hematite and goethite(Kappler

et al., 2021) found in soils.
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Figure 3. Fe mineralogy based on Moessbauer spectroscopy. Changes of relative abundance of Fe
minerals, measured temperature at 5 K (A) and ratios difference of Fe(ll)/Fe(l11) phases (B) over
time in 3 different microcosms (soil, filter-sand, and the mixture of filter-sand and soil). (*) No

Fe(ll) detected in sand microcosms at days 0 and 30.
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Changes in solid phase As redox state and implications for As binding environment in the
microcosmes.

To determine changes in As redox states in the solid matrix, samples were analyzed at days 0, 30,
and 84 by XANES and EXAFS at the As K-edge using a linear combination fitting (LCF) approach
(Figures 4, S8, S9). XANES and EXAFS As speciation analyses showed comparable trends with
minor differences in percentage contributions (Table S3). Arsenic redox distribution indicated that
the disposed filter-sand and soil samples initially contained up to 90% As(V) and less than 10% As
(1) (Figure 4A). After incubation, the As(I11) contribution in sand microcosms increased by 23.6%
of total As (Figure 4A). In the mixtures of filter-sand and soil, As(l11) was increased by 32% of the
total As pool (Figure 4A), corresponding to an increase of As(l11) from 41.3 to 273 mg/kg (Figure
4B).

Analysis of As EXAFS data suggested As-Fe complex in all microcosms (at a distance of 2.88A
radial structure function equal to 3.3A in real distances) (Figure 4C), corresponding to As-Fe inner-
sphere complexes dominated by a bidentate-mononuclear edge-sharing (°E) formation on the
surface of Fe(lll) (oxyhydr)oxides(Fendorf et al., 1997; Ona-Nguema et al., 2005). This type of
complex might result from As-O-O-As multiple scattering(Manning et al., 1998; Ona-Nguema et
al., 2005; Sherman and Randall, 2003). Overall, As K-edge EXAFS to the k of 12 were not able to
resolve outer-sphere As binding beyond 3.5A, which were more typically found above
5A(Catalano et al., 2008). Shell-by-shell fits did not show any clear trend for As coordination
differences between sand, soil and sand-soil mixture (SI Table S4). On a more descriptive note, in
the mixture samples at day 30 and 84 and not in the filter-sand only or soil only microcosms, a shift
from 2.88A (= 3.3A in real distances) to lower A was observed compared to day 0. This shift caused

the 2.88A peak to be more diffuse suggesting that an outer-sphere As binding contribution possibly
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331  stemming of As mobilized from disposed filter-sand material now re-adsorbed in a slightly tighter

332  coordination onto soils (arrows in Figure 4C).
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334  Figure 4. Changes of As redox contribution obtained by LC fitting of XANES data (A) calculated
335  solid phase As(l1l) concentration combing XANES data and extraction data (B) and As K-edge
336 EXAFS Fourier transform magnitude (C) over time in 3 different microcosms (soil, filter-sand, and
337  the mixture of filter-sand and soil). Arsenic EXAFS k3 graphs of samples are shown in the
338  supplement Figure S8.
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Dynamics of colloidal Fe and As in the microcosms.

In our microcosms, we observed colloids that regularly remained suspended near the top of the
solution. This led us to investigate changes in Fe and As contents in the colloidal fraction, as they
can also be potentially mobilized and are reactive. We investigated the changes of Fe and As in the
colloidal fraction at 3-time points (days 0, 30, and 100) by single particle ICP-MS (spICP-MS).
Our previous work already showed a strong correlation between colloidal Fe and As but not with
Al, suggesting that colloidal Fe is the main carrier of As instead of Al(Mansor et al., 2021).
Consistent with our expectation, the results indicated that the filter-sand material was the main
source of colloidal Fe and As at day 0, with mass concentrations of 115 mg/L Fe and 240 n.g/L As,
respectively (Figure 5). These concentrations are much higher than dissolved Fe and As measured
in the microcosms. In comparison, lower amounts of colloidal Fe and As were detectable in soil
microcosms. The mixture of filter-sand and soil had intermediate amounts of colloidal Fe and As,
in-between the unmixed filter-sand and soil microcosms. The colloidal Fe/As ratios were elevated
by a factor of 5 to 141 compared to the microwave digestion-extractable fraction. This is likely due
to the presence of small (but detectable) Fe-rich particles with As contents below the detection
limit of spICP-MS (0.81 fg As/particle; Table S5), thus causing elevated colloidal Fe/As ratios.
Over 100 days of incubation, we observed colloidal Fe and As decreased over time. The most
pronounced decrease was observed in the mixture microcosms, in which over 90% of the colloidal

mass was removed by the end (Figure 5).
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Figure 5. Changes in colloidal mass concentration of Fe and As in microcosms (A and B,
respectively) containing either soil, disposed filter-sand or the mixture of filter-sand and soil over
time. All samples were analyzed in triplicate and error bars indicate standard deviation. (*) No
colloidal As detected in soil microcosms at day 100. Schematic conceptualization of colloid

production and removal in the microcosms is shown in figure C.

Sand-soil interactions promote Fe and As reduction, leading to As mobilization.
Our results indicated that open disposal of filter-sand to soils and mixing between the two can

promote microbial reduction and mobilization of As-bearing Fe(l11) (oxyhydr)oxides. We propose
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three non-exclusive mechanisms that can explain this observation. First, sand materials provide
Fe(I11) minerals that are more reactive (e.g., ferrihydrite) compared to those found in soils (e.g.,
goethite, hematite). Microbial reduction rates of ferrinydrite are generally up to 2 orders of
magnitude faster than for goethite and hematite that were in the soil samples(Cutting et al., 2009;
Kappler et al., 2021). Second, soil-associated organic carbon is likely to be more reactive than
organic carbon associated with sand materials. During the flood season (June to October), massive
amounts of organic-rich fluvial sediment are deposited in floodplain soils(Connolly et al., 2022;
Smedley and Kinniburgh, 2002). The soil organic carbon in the Red River delta was previously
identified to be derived predominantly from Cz/Cs4 plant(Eiche et al., 2017). The water extractable
fraction of this organic matter was shown to trigger microbial reduction of As-bearing Fe(lll)
(oxyhydr)oxides in the same sediments(Glodowska et al., 2020). Last but not least, microbial input
from the soil to the filter-sand can promote the activities of iron(l11)- and arsenic(V)-reducing
bacteria in the mixture of filter-sand and soil. Iron-reducing bacteria such as Shewanella and
Geobacter are common bacterial groups that are responsible for microbial reductive dissolution of
As-bearing Fe(lll) (oxyhydr)oxides in flooded soil(Corsini et al.,, 2011; Huang, 2014).
Additionally, arsenate reducers are phylogenetically diverse and frequently present in paddy soils.
They can directly reduce As(V) to toxic As(l1) via dissimilation (ArrAB gene) or detoxification
(ars gene) mechanisms(Huang, 2014; Vaxevanidou et al., 2015, 2012; Zhu et al., 2017).

Colloidal Fe and As were observed in our system, suggesting that As mobilization in the form of
colloids could be substantial. Colloids can form in the environment due to seasonal water table
changes and physical perturbation such as caused by heavy precipitation(Kretzschmar et al., 1999;
Ma et al., 2018; Zhao et al., 2017). The production and removal mechanisms of colloids in the
microcosms are schematized in Figure 5C. In our microcosms, colloids are produced by partial

dissolution or disaggregation (weathering) of larger particles(Hochella Jr et al., 2019). Conversely,
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colloids can be removed by i) complete dissolution of colloidal particles and ii) aggregation or
deposition over time to form larger particles(Kretzschmar et al., 1999; Noél et al., 2020). Despite
high concentrations of colloids at the initial stages of our experiments, we observed a strong
decrease in colloidal As and Fe over time. This indicates a lower risk of colloidal As mobilization
over time, and the removal of colloids is faster than their production in our experiments.

There are two possible reasons for this observation. First, since colloids are highly reactive and
bioavailable, anaerobic bacteria might prefer Fe(l11) and As(V) in the colloidal fraction to obtain
energy for growth. Indeed, the reduction rate of Fe(l11)-reducers such as Geobacter and Shewanella
species are faster when supplied with small-sized Fe(l11) (oxyhydr)oxides(Mansor and Xu, 2020).
Since the amount of colloidal Fe and As made up <1.2 % of the total Fe and As extractable by aqua
regia, a significant amount of colloids can be reduced without impacting the mass balance of the
system.

Alternatively, since our microcosms were incubated standing with brief shaking only before
sampling, there was ample time over the 100 days incubation period for aggregation and deposition
of colloids to proceed. The stability of Fe colloids can be considered in terms of the C/Fe ratio of
the systems. At low organic C/Fe ratios, as found in our experiments (C/Fe < 0.2), colloidal Fe is
not stabilized by organic matter(Liao et al., 2017). Therefore, the colloids were more susceptible
to forming larger aggregates(Amstaetter et al., 2012; Liao et al., 2017). This was followed by the
deposition of the colloids by gravitational sedimentation over time, with larger aggregates leading

to faster deposition(Liao et al., 2017).

5. ENVIRONMENTAL IMPLICATIONS
Our results indicated that a combined total of 116-390 ug/L of aqueous and colloidal As (0.3-4%

of total As) was released from the solid phase. The remaining 96.0-99.7% of As was retained in
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the solid phases. In comparison, a recent estimate suggests that 100% of the As from open disposal
will be mobilized to either soils or water over 100 years(Genuchten et al., 2022) . The comparison
between our experiments and this model estimation is not direct, but our results would at least
suggest that As can be retained in the original solid phases over a period of a few months.
Therefore, we anticipate different implications of As remobilization from filter-sand materials.
First, short-distance transport (centimeters to meters) can lead to As being retained primarily in the
surrounding soils. This is not an immediate concern unless the soil is then used for agricultural
purposes, in which case this can lead to increased As contents in consumable plants. Second,
frequent flooding and anoxic conditions can lead to enhanced long-distance transport (e.g.,
kilometers) of As in the form of colloids and aqueous phases, entering water sources such as
aquifers and rivers. This is especially bad if As is released into groundwater aquifers, wells or rivers
that are used for drinking water consumption and which were previously tested to have low As
concentrations below the drinking water threshold. Thus, continuous testing is recommended for
areas that utilize the open disposal method. The ultimate fate of remobilized As will need to be
constrained in the context of flooding events(Connolly et al., 2022) and the heterogenous
distribution of As in soils(Fakhreddine et al., 2021), and these will have varying influence from
site-to-site.

Redox fluctuations are particularly important in the field due to changes in precipitation frequency
throughout the year. Redox fluctuations can influence the crystallinity of Fe(lll)
(oxyhydr)oxides(Thompson et al., 2006). Ferrihydrite — the main host of As — can be transformed
into more crystalline phases such as goethite or hematite as a result of redox fluctuations(Kocar
and Fendorf, 2009). Additionally, redox fluctuations can promote organic carbon degradation in
the aerobic zones near the surface, thus limiting the availability of organic carbon for anaerobic

metabolisms at depth(Stuckey et al., 2016). Incubation under cycled redox conditions is required
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in future experiments to understand changes in Fe mineralogy, organic carbon availability, and

how these affect the release of colloidal and aqueous As.
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