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Abstract 14 

Several oxidative treatment technologies, such as ozonation or Fenton reaction, have been 15 

studied and applied to remove monocyclic hydroaromatic carbon from water. Despite decades of 16 

application, little seems to be known about formation of transformation products while employing 17 

different ozone- or ∙OH-based treatment methods and their fate in biodegradation. In this study, we 18 
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demonstrate that O3/H2O2 treatment of benzene, toluene, ethylbenzene (BTE), and benzoic acid (BA) 19 

leads to less hydroxylated aromatic transformation products compared to UV/H2O2 as reference system 20 

– this at a similar ∙OH exposure and parent compound removal efficiency. Aerobic biodegradation tests 21 

after oxidation of 0.15 mM BA (12.6 mg C L-1 theoretical DOC) revealed that a less biodegradable DOC 22 

fraction >4 mg C L-1 was formed in both oxidative treatments compared to the BA control. No advantage 23 

of ozonation over UV/H2O2 treatment was observed in terms of mineralization capabilities, however, 24 

we detected less transformation products after oxidation and biodegradation using high-resolution mass 25 

spectrometry. Biodegradation of BA that was not oxidized was more complete with minimal organic 26 

residual. Overall, the study provides new insights into the oxidation of monocyclic aromatics and raises 27 

questions regarding the biodegradability of oxidation products, which is relevant for several treatment 28 

applications. 29 

1 Introduction 30 

Monocyclic aromatic hydrocarbons, most importantly BTEX (benzene, toluene, ethylbenzene, 31 

o-, p-, and m-xylene), are abundant, toxic groundwater contaminants that show high resistivity towards 32 

powerful oxidants such as ozone due to their aromatic ring without activating group (Hoigné and Bader, 33 

1983; von Sonntag and von Gunten, 2012). Various AOPs have been proposed in the past to achieve an 34 

efficient removal of BTEX compounds from contaminated water (Bustillo-Lecompte et al., 2018; 35 

Dutschke et al., 2022; Fernandes et al., 2019a; Fernandes et al., 2019b; Garoma et al., 2008; Kasprzyk-36 

Hordern et al., 2005; Rayaroth et al., 2023; Yang et al., 2020). For in-situ treatment of BTEX 37 

contamination, ozonation by sparging gas into wells is a state-of-the-art field-scale groundwater 38 

remediation technology (Krembs et al., 2010; Nimmer et al., 2000; Siegrist et al., 2011). Due to the low 39 

direct reactivity of BTEX with ozone, oxidation efficiency relies on the in-situ generation of ∙OH from 40 

the reaction of ozone with the soil matrix or simultaneously injected hydrogen peroxide. Depending on 41 

the concentration, self-enhanced removal may occur due to radicals produced by reactions of 42 

hydroxylated intermediates with ozone, as it has been shown for benzoic acid (BA) (Huang et al., 2015).  43 

Important criteria to study the efficacy of oxidative treatment are the enhanced removal of target 44 

contaminants compared to other tested treatment methods, but also the required energy input 45 



(Katsoyiannis et al., 2011; Miklos et al., 2019; Sgroi et al., 2021). However, complete mineralization is 46 

extremely energy-intense and rarely achieved in oxidative treatment and, hence, the formation of 47 

transformation products (TPs) appears unavoidable. Therefore, ozonation – which is a very established 48 

process in advanced water treatment – is often coupled with biological post-treatment for lowering DOC 49 

and removing TPs of micropollutants in treated effluent (Itzel et al., 2020; Schollée et al., 2018). 50 

Generally, energy reductions are also postulated for coupling of other AOPs, such as electrochemical 51 

Fenton and Photo-Fenton processes, with biological post-treatment due to the suspected formation of 52 

more readily biodegradable intermediates (Huang et al., 2017; Oller et al., 2011). Biodegradability of 53 

intermediates is also relevant for in-situ groundwater remediation, as mineralization of remaining 54 

organic carbon is desired but difficult to achieve with chemical oxidation only, requiring coupling 55 

strategies of biological and chemical treatment (Sutton et al., 2011). 56 

In this study, we investigate the transformation of monocyclic aromatics, namely benzene, 57 

toluene, ethylbenzene (BTE) and benzoic acid (BA) during O3/H2O2 and UV/H2O2 treatment. These 58 

target contaminants have been proven prone to ∙OH attack with reported second-order rate constants 59 

>109M-1 s-1 (Buxton et al., 1988), leading to hydroxylated (i.e., phenolic) TPs: For instance, phenol and 60 

o-, p- and m-cresol have been reported as TPs in different UV-based AOPs (UV/NO3
- and UV/TiO2) of 61 

benzene and toluene as result of H-abstraction reactions (Hatipoglu et al., 2010; Park and Choi, 2005). 62 

For toluene and ethylbenzene, other aromatic structures resulting from ∙OH attack (H-abstraction) at the 63 

methyl and ethyl group were detected (Cui et al., 2017; Hatipoglu et al., 2010).  64 

We hypothesize that an oxidation process including both, ozone and ∙OH production, will have 65 

synergistic effects for treating monocyclic aromatic hydrocarbons based on known reaction pathways 66 

of hydroxylated intermediates. Phenol, the major product of benzene oxidation with ∙OH (Park and Choi, 67 

2005), is highly reactive with ozone (supplemental information (SI), Figure S5, Table S1). It can be 68 

directly transformed to aliphatic acids such as cis,cis-muconic acid by ring-cleavage or to other 69 

intermediates with intact ring structure, for instance catechol and p-benzoquinone (Mvula and von 70 

Sonntag, 2003; Ramseier and von Gunten, 2009). All of these compounds are further reacting with 71 

ozone, eventually giving rise to small products with low ozone reactivity such as oxalic and formic acid. 72 

Similar mechanisms and reactivities are expected for toluene, ethylbenzene and BA due to their 73 



structural similarity and the formation of hydroxylated products that are reactive with ozone. A different 74 

composition of intermediates can be expected in AOPs with ∙OH as major oxidant (such as UV/H2O2) 75 

due to the absence of ozone. This rapid breakdown of monocyclic aromatic compounds to aliphatic 76 

products in ozone-based AOPs is expected to enhance aerobic biodegradation and mineralization of 77 

oxidation TPs by microbial communities in the aquifer.   78 

The aim of this investigation is to determine differences of O3/H2O2 (“peroxone”) and UV/H2O2 79 

AOPs for transformation of mostly ozone- and photo-resistant monocyclic aromatic hydrocarbons. We 80 

also study the effect of different oxidative treatments on subsequent biodegradation of dissolved organic 81 

matter for BA. Due to assumed similarities of BA and BTE,  BA may serve as good model compound 82 

for biological post-treatment as it is non-volatile and therefore more suitable to assess the degree of 83 

mineralization.  84 

2 Materials and methods 85 

2.1 Chemicals and reagents 86 

The purity of all quantified organic compounds was higher than 98%. Used chemicals are listed 87 

in the SI, Table S2. Experimental solutions for BTE experiments were freshly prepared by directly 88 

diluting BTE into  pH 7 phosphate buffer solution (PBS) with a final concentration of 10 mM on the 89 

days of experiments. Concentrated PBS (0.5 M) was prepared with NaH2PO4∙2H2O and Na2HPO4 in 90 

ultrapure water (UPW). The final pH was then adjusted by adding either phosphoric acid or sodium 91 

hydroxide. 20 mM H2O2 stock solutions were freshly prepared from 30% stabilized H2O2 (VWR 92 

Chemicals) on each day and added accordingly.  93 

2.2 Oxidation experiments 94 

2.2.1 O3/H2O2 process for BTE treatment 95 

BTE were oxidized in closed recirculation experiments using a gas-liquid membrane contactor in 96 

counter-current flow for O3/H2O2 treatment (Figure 1a). Experimental set-ups are designed to allow 97 

direct comparisons of BTE removal during both AOPs as function of ∙OH exposures by avoiding losses 98 



due to volatilization. They are not intended to optimize the treatment efficiency, neither with respect to 99 

treatment time nor oxidant dose. All materials in contact with the solution were made of PTFE, PVDF, 100 

PEEK, glass, or stainless steel. 101 

The ozone membrane contacting unit consisted of a glass column with 22 cm inner diameter 102 

that was equipped with gas-tight in- and outlets for gas- and liquid-streams (Bühler Technologies 103 

GmbH, Germany). Porous PTFE (FluorTex GmbH, Germany) was chosen as membrane material due 104 

to its high ozone-resistance and mass transfer (Bein et al., 2021). The 25.5 cm membrane tube was 105 

installed inside the glass column and had an inner diameter of 2.8 mm, a wall thickness of 0.5 mm, and 106 

a porosity of 50%. Ozone gas with a concentration of 200 g Nm-3 was generated by a BMT 803 BT 107 

ozone generator, analyzed by a BMT 964 analyzer (BMT Messtechnik GmbH, Germany) and inserted 108 

at a flow rate of approximately 0.25 NL min-1 from top to bottom of the glass column. The liquid was 109 

pumped from bottom to top through the membrane tube (Figure 1a, counter-current configuration). A 110 

needle valve was used to control liquid-side pressure to achieve bubble-free ozonation, where ozone 111 

directly diffuses into the gas-liquid boundary layer in proximity to the membrane surface (Bein et al., 112 

2021). 113 

 114 

Figure 1: Experimental set-ups for recirculation experiments: a) ozone membrane contacting, b) UV-C irradiation. 1: gear 115 
pump, 2: flow meter, 3: PTFE membrane, 4: sampling port, 5: needle valve, 6: stirred feed solution. 116 

For every ozone membrane contacting experiment, a 0.6 L solution was prepared containing 10 117 

mM PBS (pH 7), 0.1 µM pCBA, 30 mg L-1 H2O2 (0.88 mM) and BTE (0.12-0.25 mM). BTE 118 



concentrations varied considerably among experiments due to the applied procedure to prepare solution, 119 

which is discussed in section 3. The solution was transferred to a closed glass bottle of the same volume 120 

to keep the gas-liquid contact area and volatility losses low. The constantly stirred solution was pumped 121 

through the recirculation set-up at a flow rate of 6.5 L h-1 that was controlled by a DK 800 Krohne 122 

rotameter (Krohne Messtechnik GmbH, Germany). This corresponds to approximately 0.3 m s-1 liquid 123 

flow velocity in the membrane and a theoretical ozone mass transfer coefficient of 1.77∙10-5 m s-1 124 

(Lévêque solution, without chemical reaction). 20 mL samples plus 20 mL sample port flush were 125 

withdrawn from a three-way valve after different recirculated volumes. The time after one volume 126 

recirculated was defined as volume of the solution divided by the liquid flow rate. Sampling times were 127 

corrected for volume removed accordingly. The first 20 mL sample was taken from the bottle prior to 128 

start. 9.4 mL of sample were filled immediately into headspace (HS) vials, prepared for GC-FID analysis 129 

according to the analytical method, and quickly sealed to avoid further losses. An aliquot of the sample 130 

was directly analyzed for UV/Vis absorbance. The remainder was quenched with 1 mM Na2S2O3 to 131 

remove any remaining O3 or H2O2 pending further analysis. 132 

2.2.2 UV/H2O2 process for BTE treatment 133 

UV/H2O2 treatment and sampling was performed analogously using a UV-C flow-through 134 

reactor with the same water matrix as in ozonation experiments with 1.1 L feed solution at a flow rate 135 

of 10 L h-1 (Figure 1b). Additionally, photo-resistant probe compounds carbamazepine (CBZ), 136 

gabapentin (GBP) and primidone (PRI) were added at trace concentrations of 0.05 (CBZ) and 0.1 µM 137 

(GBP, PRI) instead of pCBA (Miklos et al., 2018). pCBA could not be used as probe compound in UV-138 

based treatment due to its decay in a control experiment without H2O2. A discussion on the probe 139 

compound selection can be found in the SI, Text S1. UV-C light was emitted using a 10W LP mercury 140 

lamp in a stainless-steel flow-through system (Purion GmbH, Germany) with an irradiated reactor 141 

volume of approximately 105 mL.  142 

2.2.3 Oxidative treatment of BA 143 

Oxidation of 0.15 mM BA prior to biodegradation experiments was conducted in diluted natural 144 

water instead of PBS. Tap water (TW) of an approximate pH of 7.7 and DOC < 1 mg C L-1 was chosen 145 



as natural buffer system and diluted with UPW at a ratio of 1:2.85 TW:UPW to achieve the same water 146 

matrix for all samples during ozonation and UV/H2O2 treatment. For UV/H2O2 experiments, the UV-C 147 

set-up described in 2.2.2 was used. Sample volumes were increased to 200 mL (plus 20 mL sample port 148 

flush) with a total recirculation volume of 1.5 L. Withdrawn samples were also quenched with 1 mM 149 

Na2S2O3 and stored at -20 °C after taking samples for BA and TOC until subsequent biodegradation 150 

experiments. TOC samples were acidified with two droplets 32% HCl (≤ pH 2) and stored at 4°C prior 151 

to analysis. 152 

As BA is non-volatile, O3/H2O2 treatment was performed in batch experiments with addition of 153 

pre-defined amounts of ozone stock solution and H2O2 in a molar ratio of 2:1 followed by short stirring 154 

(<1 min). Ozone stock solutions of approximately 52 mg L-1 were produced with the ozone generator 155 

described in section 2.2.1 in a cooled (4 °C) 2.5 L glass reactor with a porous bubble diffusor that was 156 

constantly supplied with gaseous ozone. The applied ozone doses ranged from 0.1 to 0.7 mM. ∙OH 157 

exposure in O3/H2O2 batch experiments was determined using PRI instead of pCBA that also agreed 158 

closely with UV/H2O2 data.  159 

2.3 Aerobic biodegradation experiments 160 

Initial biodegradation was assessed in batch experiments by inoculating 60 mL samples with 10 161 

g sand (wet weight) from the top layer of a biological sand filtration column, continuously fed with 162 

aerated wastewater treatment plant effluent from top to bottom for more than 6 weeks before 163 

experiments. The sand was homogenized and carefully washed with TW on a 200 µm stainless steel 164 

sieve to remove remaining wastewater. Inoculated batches (250 mL amber glass bottles) were closed 165 

with perforated lids, shaken at 125 rpm for 6 days, and 6 mL samples for DOC analysis were taken 166 

several times. Oxic conditions (> 7 mg L-1 dissolved oxygen) were confirmed by daily measurements 167 

using flow-through cells, where sample was pumped through using a plastic syringe (FTC-PSt3, 168 

Presens, Germany). For abiotic control experiments, three times 10 g biologically active sand was placed 169 

in amber bottles for shake tests and autoclaved to demonstrate inhibited biological activity.  170 

Samples for DOC analysis were immediately filtered through 0.45 µm cellulose acetate filters 171 

that were pre-rinsed with 200 mL UPW and approximately 0.5 mL of sample. Samples were diluted 172 



with UPW (DF 0.167) and acidified as for TOC analysis. Biodegradation tests were performed in 173 

triplicates for each sample taken from oxidation experiments. The selected samples for biodegradation 174 

experiments are specified in section 0 and Text S2 (SI). 175 

2.4 Analytical methods 176 

BTE were measured by an Agilent 7980 GC gas chromatograph with headspace auto-sampling 177 

module coupled with flame ionization detection (HS-GC/FID). Compound separation was performed 178 

on a 30 m column with 0.32 mm inner diameter and 1.80 µm film thickness (DB-624, Agilent, USA), 179 

using nitrogen as carrier gas. The initial oven temperature of 40 °C was kept for 3 min and increased by 180 

12.5 °C min-1 to 250 °C. Detailed instrument settings are listed in the SI, Table S3. Calibration standards 181 

(1-50 mg L-1) were prepared from a BTE stock solution in MeOH, which was added to headspace vials, 182 

filled up to 0.6 mL MeOH and mixed with 9.5 mL UPW and 0.5 g sodium sulfate. Accordingly, 9.4 mL 183 

samples + 0.1 mL UPW were mixed with 0.6 mL MeOH instead of the calibration standard, and the 184 

same amount of salt was added. 185 

BTE TPs and BA were analyzed using an Agilent 1260 Infinity II high performance liquid 186 

chromatography system with diode array detector (HPLC-DAD). Two separate methods were applied: 187 

phenol, o-cresol and o-ethylphenol (0.1-5 mg L-1) were separated on an XSelect HSS C18 column (2.1 188 

x 100 mm, 3.5 µm particle size) at a flow rate of 0.5 mL min-1, using a gradient method with H2O and 189 

acetonitrile (ACN) as solvents. All of the three compounds were detected at 275 nm. Wavelength scans 190 

were performed in parallel to confirm the compounds via retention time and spectrum. BA (0.25-10 mg 191 

L-1) was detected using the same system but at a flow rate of 0.6 mL/min (0.1% formic acid in H2O and 192 

ACN), at 238 nm. The injection volume was 50 µL for both methods. Further details are listed in the SI, 193 

Table S4. 194 

Quantitation of ∙OH probe compound candidates PRI, CBZ, GBP was performed with an LC-195 

MS/MS system in scheduled MRM mode (positive ESI) using isotope labelled standard (IS) correction 196 

(0.0025 – 10 µg/L). The system is composed of a SCIEX Triple Quad 6500 mass spectrometer (SCIEX, 197 

USA) coupled with a Knauer PLATINBLUE UHPLC (Knauer, Germany) and an XSelect HSS T3 198 

(particle size 2.5 μm; 2.1 x 100 mm) column (Waters, USA). More details on the method can be found 199 



in Müller et al. (2017). pCBA (m/z 111) was analyzed similarly with internal standard correction (pCBA 200 

d4) in negative ESI mode with 0.1% acetic acid in H2O and ACN as solvents and a modified gradient.  201 

TOC/DOC (0.1-10 mg C L-1) was analyzed on a VarioTOC TOC/DOC analyzer (Elementar, 202 

Germany). Organic carbon in chemical oxidation experiments was determined as TOC (analysis without 203 

filtration) and in biodegradation experiments as DOC. However, no noteworthy differences between 204 

TOC and DOC became apparent in pre-tests, thus we assumed TOC≈DOC. UV spectra were recorded 205 

using a Hach DR6000 UV/Vis spectrophotometer (200-800 nm). Excitation emission matrices (EEMs) 206 

were obtained by an Aqualog (HORIBA Jobin Yvon, Germany). EEM samples were filtered as for DOC 207 

analysis and diluted 1:13. Obtained EEM data was modified including corrections for inner filter effects, 208 

Rayleigh masking, and Raman normalization (Bahram et al., 2006).  209 

An identification of chemical structures of oxidation products in BA experiments was 210 

undertaken using RPLC-HRMS screening, following the method described by Seiwert et al. (2021). 211 

Briefly, screenings were performed with an ACQUITY UPLC system connected to a XEVO G2 XS 212 

TOF MS equipped with an electrospray ionization source (Waters, USA). In addition, a fluorescence 213 

detector was connected and set to regions identified in EEMs (290/410 nm and 320/450 nm). Contrary 214 

to Seiwert et al. (2021), ACN was used as solvent B instead of MeOH. All relevant compounds were 215 

identified in negative ESI. Sum formulas of peaks were identified based on exact mass and structures 216 

proposed where applicable. Further details can be found in the SI, Table S5. 217 

3 Results 218 

3.1 Removal kinetics during O3/H2O2 and UV/H2O2 treatment 219 

Oxidative treatment of BTE in neutral PBS led to similar partial removal of all three 220 

contaminants (Figure S6). By the end of the treatment, between 60 and 70% of BTE were removed in 221 

both processes. To achieve this removal in the ozone membrane contactor, the treated solution was 222 

circulated 50 times, compared to 5 times during UV/H2O2 treatment. This is a consequence of the 223 

comparably small ozone dose transferred in the short (25.5 cm) single tube contactor if compared to 224 



larger hollow fiber membrane modules used in some previous works (Leiknes et al., 2005; Zhang et al., 225 

2017). 226 

Removal of ozone- and UV-resistant probe compounds was used to determine ∙OH exposures 227 

during O3/H2O2 and UV/H2O2 treatment and compare both oxidative treatments on the basis of similar 228 

∙OH exposures (Figure 2). The ∙OH exposure values were calculated using second-order reaction rate 229 

kinetics with reported rate constants of probe compounds, as discussed previously (e.g., Rosenfeldt et 230 

al. (2006) and Wünsch et al. (2021)). The final selection of two probe compounds (CBZ for UV/H2O2 231 

and pCBA for O3/H2O2) resulted in good agreement of contaminant removal kinetics for both, BTE and 232 

BA experiments with a more pronounced deviation of the two treatment processes in case of BA 233 

experiments (SI, Text S1). Data point scattering in BTE experiments was observed for all three 234 

compounds and is most likely related to sampling and analysis of the volatile substances. PRI with a 235 

reported rate constant of 6.7∙109 M-1 s-1 (Real et al., 2009) led to similar results as pCBA for BA 236 

ozonation experiments, confirming that both are suitable probe compounds for measuring ∙OH exposure 237 

during ozonation (Figure 5).  238 

For further validation, second-order rate constants were determined from the slope of the linear 239 

fit of O3/H2O2 data points in Figure 2a and b as 7.7∙109 M-1s-1 for benzene (7.4∙109 M-1s-1 for UV/H2O2) 240 

and 5.6∙109 M-1s-1 for BA (6.3∙109 M-1s-1 for UV/H2O2), respectively. These values are in close 241 

agreement with previously reported respective values of 7.8∙109 M-1 s-1 (Schuler and Albarran, 2002) 242 

and 5.9∙109 M-1 s-1 (Buxton et al., 1988). Rate constants of toluene and ethylbenzene are very similar to 243 

that of benzene (SI, Figure S7). These results confirm the plausibility of calculated ∙OH exposures. 244 

Moreover, they indicate that ∙OH oxidation is the major removal mechanism for BTE, and volatilization, 245 

ozonolysis, or photolysis were insignificant.  246 



   247 

Figure 2: Removal of (a) benzene during BTE oxidation experiments and (b) BA during separate experiments as function of 248 
∙OH exposure. Displayed linear fits were calculated with O3/H2O2 data points. The shown UV/H2O2 experiment with BA was 249 
performed in diluted TW instead of PBS.  250 

3.2 Product formation during BTE oxidation 251 

3.2.1 Hydroxylated transformation products 252 

HPLC-DAD analysis of treated samples confirmed a constant formation of the hydroxylated 253 

TPs phenol, o-cresol and o-ethylphenol in UV/H2O2 treatment (Figure 3). Interestingly, the observed 254 

yield of o-ethylphenol from ethylbenzene (20.6 ± 2.6%) was much higher than of phenol (2.2 ± 1.0%) 255 

and o-cresol (4.1 ± 0.6%) from benzene and toluene, respectively. In contrast, none of the three 256 

compounds were found in samples treated with O3/H2O2 (lowest point of calibration 0.0011-0.0.00082 257 

mM or 0.1 mg L-1), likely due to direct reaction with ozone present at the boundary layer of the ozone 258 

membrane contactor, where compounds such as phenol are quickly oxidized via electron transfer and 259 

formation of ozone adduct intermediates (Ramseier and von Gunten, 2009). This also indicates that 260 

enough ozone was available to directly oxidize intermediates, while simultaneous ∙OH production occurs 261 

through reactions with H2O2 (Merényi et al., 2010) and potentially through the reactions with phenolic 262 

intermediates (Huang et al., 2015). Contrarily, formation rates of these TPs in UV/H2O2 treatment must 263 

be higher than any subsequent decay, either by radicals or photolysis, as long as BTE are still present in 264 

larger amounts, which was the case in all experiments. Direct photolysis of intermediates and resulting 265 

production of other reactive oxygen species during UV-irradiation cannot be excluded, but has been 266 

reported for phenol only for much longer exposure times of several hours or substantially stronger UV-267 



lamps (e.g., 500 W), and can therefore only be a minor contribution in the experimental conditions of 268 

the study (Alapi and Dombi, 2007; Chun et al., 2000). 269 

 270 

Figure 3: Concentration of hydroxylated TPs over the course of UV/H2O2 treatment. Parent compounds: benzene (phenol), 271 
toluene (o-cresol), ethylbenzene (o-ethylphenol). 272 

 The formation of hydroxylated TPs in the ∙OH-based process is in accordance with previous 273 

literature findings. The yield of o-cresol during photochemical oxidation of 1.4 mM toluene reported by 274 

Hatipoglu et al. (2010) was 30.5% and 77.5% for all cresol isomers. Less than 10% of initial toluene 275 

was transformed in this experiment, which may explain the comparably high yield and the absence of 276 

other TPs. Cui et al. (2017) degraded 1 mM ethylbenzene using a modified Fenton reaction, where ∙OH 277 

was demonstrated to be the main reactant by scavenger control experiments. Besides o-, m- and p-278 

ethylphenol, they also found acetophenone and β-phenylethanol as TPs, suggesting that ∙OH may also 279 

abstract hydrogen at the ethyl moiety with subsequent oxygen attachment. A corresponding reaction 280 

with toluene may lead to benzaldehyde or BA. These compounds were not addressed analytically in this 281 

experiment though. The absence or low quantity of the analyzed hydroxylated TPs in O3/H2O2 treatment 282 

demonstrates the effect of ozone exposure, leading to immediate transformation of hydroxylated TPs of 283 

BTE. 284 

                      

                            

 

     

    

     

    

     

  
  

 
 

      
        
             



3.2.2 Change of Absorbance 285 

UV/vis absorbance spectra were recorded to check for formation of absorbance peaks 286 

characteristic for different types of organic carbon with conjugated π-electron systems. Absorbance 287 

increased during both treatments in the UV range (Figure 4a, Figure S8). This differs from wastewater 288 

ozonation, where UV-absorbance is reduced while conjugated π-electron systems in aromatic and 289 

olefinic compounds are decomposed by ring-cleavage and the Criegee mechanism (Criegee, 1975; 290 

Lamsal et al., 2011; Nöthe et al., 2009; Wenk et al., 2013). Indeed, a stronger increase was observed for 291 

UV/H2O2 treatment with two pronounced peaks at 275 and 350 nm that were absent during O3/H2O2 292 

treatment. This is highlighted by changes of absorbance at selected wavelengths (275 nm/350 nm, Figure 293 

4b and c versus ∙OH exposures. Although initial concentrations were different, the qualitative 294 

comparison shows that larger wavelengths are only absorbed in the samples treated with UV/H2O2, 295 

which also resulted in visible color formation. Similar differences between the two treatments were also 296 

observed for BA (Figure S9, SI).   297 

The stronger absorbance increase of samples treated with UV/H2O2 at 275 nm (Figure 4b) is 298 

attributed to hydroxylated or di-hydroxylated compounds that show maximum absorbance at 260-280 299 

nm and are abundant in these samples (see section 3.2.1). At the end of UV/H2O2 treatment, an 300 

absorbance of 0.786 was measured compared to only 0.176 in case of O3/H2O2. As single-hydroxylated 301 

TPs were not detected in case of O3/H2O2, the observed rise is either caused by lower concentrations or 302 

the absorbance of other compounds.  303 

 304 

Figure 4: Absorbance change over the whole spectrum during oxidative treatment (a), and for selected wavelengths as a function 305 
of ∙OH exposure (b,c). Initial BTE concentrations were 0.43/0.28/0.18 mM (UV/H2O2) and 0.25/0.25/0.12 mM (O3/H2O2) (see 306 
also Tables S6-S10).  307 



The other distinct absorbance increase during UV/H2O2 treatment for larger wavelengths, most 308 

notably at 350 nm (Figure 4c), may occur by formation of a large diversity of other hydroxylated 309 

aromatic or other structures with intact π-electron systems, for example p-benzoquinone, which also 310 

absorbs strongly between 300 and 500  nm (Nagakura and Kuboyama, 1954). Due to its fast reaction 311 

with ozone (Table S1, SI), the absence in the respective spectrum would be plausible. Another possibility 312 

is the highly concentration-dependent polymerization of aromatic rings that has been observed for 313 

phenol during pulsed radiolysis at a much higher concentration of 0.02 M (1.88 g L-1) (Ye and Schuler, 314 

1989). A similar reaction is described for aniline at a concentration of 150 mg L-1 (Shang and Yu, 2002). 315 

The potential for the formation of such dimers or even polymers will be discussed further in section 0 316 

for BA. 317 

3.3 Coupling chemical oxidation and biodegradation 318 

3.3.1 O3/H2O2 and UV/H2O2 treatment of BA 319 

Oxidative treatment resulted in reduction of BA concentration up to 94% depending on the ∙OH 320 

exposure, but only minor mineralization, expressed as reduction of TOC (Figure 5a). TOC decreased by 321 

approximately 2.6 mg C L-1 in both processes by applying the highest doses. Initial BA concentrations 322 

were very similar (17.85 and 17.16 mg L-1), but initial TOC was slightly elevated in UV/H2O2 treatment 323 

(ca. + 2 mg C L-1). The initial BA concentration (17.85 mg L-1) in the O3/H2O2 control sample 324 

corresponds to a theoretical TOC of 12.3 mg C L-1, which is in good agreement with the measured TOC 325 

of 13 mg C L-1 confirming that BA is the major organic carbon source in the samples with only minor 326 

contributions of natural organic matter in the used TW.  327 

UV/vis spectra were recorded for each oxidative step (Figure S9, SI). Analogously to BTE 328 

oxidation, an increase of absorbance was observed for both, UV/H2O2 and O3/H2O2 treatment of BA. 329 

Color formation occurred, also indicated by absorbance increases for 400 nm and larger. Interestingly, 330 

colorization was more apparent during ozonation of BA as for BTE. Such color formation, expressed as 331 

increased absorption at 420 nm during ozonation of BA, was already reported by Shang and Yu (2002), 332 

who did not further elaborate the formation of individual TPs. However, they detected increased toxicity 333 

for low ozone doses.  334 



3.3.2 Aerobic microbial degradation 335 

Samples highlighted with number codes in Figure 5a were used for biodegradation experiments 336 

in triplicates (Figure 5b). Oxidized samples (1a and 1b) exhibited a strong reduction of DOC after two 337 

days. However, biodegradation stopped after approximately three days and the DOC content remained 338 

above 4 mg L-1 until day 6. Contrarily, DOC present in the BA sample not treated with oxidants (0a) 339 

was removed to concentrations below 2 mg L-1 after 6 days (Figure 5b). Similar results were observed 340 

in replicate experiments with samples (0b), (1b) and (2a) (Figure S8, SI). Only after five days a minor 341 

reduction of DOC could be observed in control experiments with autoclaved sand, which may be related 342 

to regrowth of bacteria as experiments were not conducted under sterile conditions. It demonstrates that 343 

removal of DOC in the first three days of biodegradation tests was not related to sorption effects (Figure 344 

5b). Differences between UV/H2O2 and O3/H2O2 treatment were small and did not support the 345 

hypothesis that the ozone-based AOP improves rapid biodegradation compared to the UV-based AOP 346 

of BA.  347 

The reduced biodegradability of the DOC after oxidation contradicts previous studies on 348 

ozonation of treated wastewater with subsequent biological post-treatment (Hübner et al., 2012). It 349 

indicates that overall biodegradability of TPs should be considered in more detail, especially when 350 

combining AOPs with biological treatment for industrial or groundwater applications, where only a few 351 

contaminants may dominate the organic water constituents. For instance, Pariente et al. (2008) 352 

concluded that photo-Fenton oxidation improved aerobic biodegradability of treated BA (150 mg L-1), 353 

expressed as faster reduction of COD in biological shake flask tests after oxidation compared to 354 

untreated BA. However, sum parameters such as COD or BOD5 might have a limited meaning, as they 355 

do not fully indicate, if refractory compounds have been formed. Additionally, they continued oxidative 356 

treatment after BA was fully removed, which may improve biodegradability but is also energy intensive.  357 



 358 

Figure 5: Chemical oxidation of BA and subsequent biodegradation. a) changes of BA concentrations and TOC vs. ∙OH radical 359 
exposure. b) Degradation of DOC in shaken batches of selected samples withdrawn in oxidation experiments. Standard 360 
deviations originate from DOC data of three individual batches containing the same water matrix (n=3). TOC from a) was 361 
taken as initial value. The shaker was temporarily interrupted on day 5-6 (samples 0a and 1a) with dissolved oxygen levels 362 
staying well above 7 mg L-1 during that time. Data of more batches is visualized in Figure S4. 363 

3.3.3 Analysis of transformation products after oxidation and after biodegradation 364 

In order to investigate refractory compounds after biodegradation, excitation emission matrices 365 

(EEMs) were recorded before and after oxidation, and after biodegradation. UV/H2O2 treatment led to 366 

a substantial increase in fluorescence with two maximum regions at approximately 290/410 nm (peak 367 

1) and 320/450 nm (peak 2) (Figure 6). Peak 1 is very similar to what has been reported previously for 368 

o-hydroxybenzoic acid (salicylic acid) (Ni et al., 2006). After biodegradation a weaker signal (22-24 369 

Raman units before, 6-7 after) could be found for the latter peak, which indicates that larger, fluorescing 370 

molecules remained present to some degree as refractory DOC. The same can be observed for O3/H2O2, 371 

where only peak 2 (320/450 nm) was formed and also remained present with weaker intensity after 372 

biodegradation (Figure S10, SI). 373 



 374 

Figure 6: EEMs (a) before UV/H2O2 oxidation (0a), (b) after oxidation (1a), and (c) after biodegradation (1a). 375 

To gain further insights into the nature of this recalcitrant organic carbon, we coupled LC-high-376 

resolution mass spectrometry (LC-HRMS) with fluorescence detection. LC-HRMS with fluorescence 377 

detection of 290/410 and 320/450 nm revealed that UV/H2O2 treatment (sample 1a) caused formation 378 

of a wide array of different TPs. Overall, 15 TPs were identified based on signal intensity, and sum 379 

formulas were determined using exact masses with a maximal mass error of 5 ppm (Figure 7, Table S11, 380 

SI). TP138 could be identified as salicylic acid by retention time comparison with a purchased standard. 381 

The TPs 154a, 154b (C7H6O4) and 170 (C7H6O5) are likely other expected di- and tri-hydroxylated 382 

products from BA oxidation. TPs 168, 172a, 172b and 184 were only formed in UV/H2O2 treatment 383 

and might represent quinones that are also known intermediates from ozonation of phenol (Ramseier 384 

and von Gunten, 2009). Additionally, very polar TPs likely containing a hydroxyl and a sulfate group 385 

(TP234a, b, and c with sum formula C7H6O7S) were detected that may be products of radical reactions 386 

of the aromatic ring with sulfate present in the TW. TPs containing nitrogen as unwanted and potentially 387 

toxic side-products could not be identified, but their formation may occur in water with higher nitrite or 388 

nitrate concentrations (Rayaroth et al., 2022). 389 

The fluorescence measurement over the whole LC-HRMS method confirmed that the first of 390 

the two fluorescence maximum regions (290/410 nm) seen in EEMs of UV/H2O2 samples can be linked 391 

to salicylic acid (TP138) at RT 5.16 min. This hydroxylated TP is being formed especially during 392 

UV/H2O2 treatment (as discussed in 3.2.1 for BTE) and is also present in smaller quantities after O3/H2O2 393 

treatment (Figure S16, SI). The fluorescence of peak region 2 (320/450 nm) was visible in all samples 394 

in the first 4-5 min of the chromatogram and can generally be assigned to the identified more polar TPs 395 

(Figure S14-S17, SI). Interestingly, the fluorescence signal was present even where no peaks were 396 

 
  



identified, suggesting that a large number of TPs with low abundance were formed that are not included 397 

in this list. The signal was substantially weakened after biodegradation compared to after AOP 398 

treatment, but still at much higher intensity than in the control samples without oxidative treatment, 399 

before and after biodegradation. 400 

In contrast, a limited number of TPs was detected in the ozonated sample (1b), which is 401 

attributed to the reactivity of activated aromatic rings with ozone (Figure 7b). Within the group of 402 

identified TPs, only the sulfate-containing TP234a and a trace of TP138 was still found in both samples 403 

(1a and 1b) after biodegradation. No dimers or other polymers, that were already reported for ozonation 404 

of aniline and phenol, were found in this analysis (Shang and Yu, 2002; Ye and Schuler, 1989). Dimers 405 

and polymers were expected to be retained even longer than the parent compound on the reversed-phase 406 

column, but no respective mass and fluorescence signals were observed in the relevant time period. 407 

Nevertheless, it cannot be excluded that dimers and polymers remained undetected due to ionization 408 

problems during MS measurements or the low concentration of isomeric substances in the samples. 409 

Furthermore, very polar compounds, such as short-chained organic acids would not be detected in this 410 

HPLC-method due to limited retention on the column.  411 

In accordance with DOC data (Figure 5b), BA in samples without oxidation (0a and 0b) was 412 

biodegraded completely with almost no detectable TPs after biodegradation. Only weak signals of 413 

TP138 in both, and TP166 and TP170 in (0b) could be detected (Figure 7). This confirms that aerobic 414 

biodegradation of the parent compound was more complete in this experimental set-up.  415 

The transferability of the results of initial biodegradation to real groundwater contamination 416 

scenarios must be evaluated with care: first, the effect of microbial adaptation is not fully taken into 417 

account here, thus it is possible that similar biodegradation of oxidized vs. not oxidized samples can be 418 

achieved if the microbial community is pre-exposed and adapted. Second, a direct transfer of BA 419 

biodegradation to BTE(X) is not possible due to different toxicity thresholds that may inhibit 420 

microbiological activity in  a fundamentally different way, although past research has shown that certain 421 

bacteria strains can handle hundred or more mg L-1 BTEX (El-Naas et al., 2014; Wolicka et al., 2009; 422 

Xin et al., 2013).  423 



Nevertheless, we conclude that the benefits of AOPs compared to aerobic biological treatment, 424 

for instance stimulated by passive oxygen release (Chapman et al., 1997), should be re-assessed for 425 

removal of monocyclic aromatics with respect to BA results. This is especially the case for in-situ 426 

groundwater remediation scenarios with several mg L-1 contaminant, where full mineralization by 427 

chemical oxidation cannot be guaranteed due to limited process control. For instance, Yang et al. (2020) 428 

suggested the use of persulfate or H2O2 with Fe2+ for in-situ oxidation of BTEX. They observed a 429 

substantial but not always complete removal of their contaminants in column studies with soil, thus it 430 

would be worth looking closer at the remaining dissolved organic compounds. We therefore recommend 431 

checking for color and fluorescence increases, which are parameters comparably easy to measure.  432 

 433 

Figure 7: Integrated peak areas of identified TPs, grouped by retention time, before and after biological degradation for samples 434 
treated with a) UV/H2O2 (sample 1a), and b) O3/H2O2 (sample 1b), and the respective control samples without chemical 435 
oxidation (0a and 0b). 436 

4 Conclusions 437 

O3/H2O2 and UV/H2O2 AOPs are viable technologies for the oxidation of monocyclic aromatics 438 

BTE and BA if removal of target contaminants from treated water is the main objective. DOC removal 439 

in both processes was at maximum 20% for removal of BA up to 94%, and multiple organic TPs were 440 

formed. The detection of absorbance changes and quantification of hydroxylated TPs in BTE and BA 441 

oxidation experiments indicate that some intermediates are oxidized more efficiently during O3/H2O2 442 

treatment. This confirms hypothesized synergies of ozone and ∙OH exposure in a direct comparison. 443 

Nevertheless, absorbance of UV and visible light increased in both treatment processes, where only 444 

   

   

   

   

   

  
  

  
  

  
  

  
 

      

      

      

      

      

     

     

     

     

     

      

     

      

     

            

              

   

   

   

   

   

  
  

  
  

  
  

  
 

    

                
 
 

 
  

              

                          
              

 
 
  

 
 

 
 

 
  

 
 

 
  

              

              
              

    
 
 

 



partial oxidation was investigated. Additionally, results from biodegradation experiments with BA and 445 

TPs provide strong evidence that coupling both AOPs with biological post-treatment is not beneficial 446 

for fast, complete mineralization compared to direct biotransformation of the parent compound. Higher 447 

oxidant exposures, potentially multiple times higher than needed for removal of parent compounds, are 448 

required to achieve a more complete mineralization. Further research is needed to assess the 449 

toxicological relevance of the remaining organics, as well as a potential microbial adaptation for 450 

improved mineralization of TPs during long-term exposure. In this context, evaluation of field sites with 451 

in-situ chemical oxidation of BTEX may provide valuable information. 452 
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